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Reintroducing plants or animals implies moving individuals. When indi-
viduals are moved, so are the parasites, patho-
gens, symbionts, and mutualists that live in 
and on them, and the genes that each individ-
ual carries. This movement of genes perma-
nently changes the genetic composition of the 
source and the released populations in ways 
that may affect the success of the reintroduc-
tions (Frankham et al. 2010, Allendorf et al. 
2013).
Scientists and managers involved in reintro-
ductions, or other forms of translocations, have 
to make a number of decisions: which source 
populations to choose, how many individuals of 
what age and sex to release, where and when to 
release them, over how many years, with or 
without a captive breeding phase, what post-
release monitoring to carry out, and so on. 
Most of these decisions, directly or indirectly, 
will affect the genetic composition of the 
released populations, and these effects may last 
for hundreds of generations (Varvio et al. 
1986). To maximize reintroduction success in 
the long term, it is therefore important that sci-
entists and managers are aware of the genetic 
consequences of the decisions they take.
The aim of this chapter is to highlight the 
most important genetic consequences of man-
agement actions during reintroductions. 
Appreciating and understanding these conse-
quences is not possible without going into pop-
ulation genetics in a fair bit of detail, because 
reintroduced populations, by their very nature, 
are not in equilibrium. That is, the various 
genetic forces that affect them—mutation, 
migration, drift, and selection—have not yet 
reached a steady state. The genetics of reintro-
ductions thus is the genetics of nonequilibrium 
populations (Maruyama and Fuerst 1985a, b). 
This is more complex than if we could assume 
steady state—but also more interesting for a 
research scientist.
We start this chapter with a review of the 
major genetic issues in reintroductions: genetic 
drift, loss of evolutionary potential, and 
inbreeding. We then discuss some special 
genetic concerns that arise when reintroduc-
tions have to rely on captive breeding programs, 
and when released individuals hybridize with 
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drift, become more pronounced the smaller the 
size of a population, with potentially deleteri-
ous long-term consequences. Most of the detri-
mental genetic consequences that may arise 
from small population size such as an increased 
frequency of deleterious mutations, reduced 
adaptive evolutionary potential, and inbreeding 
depression (Allendorf et al. 2013), are direct or 
indirect consequences of random genetic drift. 
Hence, in the following we fi rst introduce 
genetic drift in some detail before moving on to 
its detrimental consequences in reintroduced 
populations.
Genetic Drift
If one follows allele frequencies in small popu-
lations, one can see that they change erratically 
from one generation to the next. After a num-
ber of generations, the allele frequencies are 
often very different from those at the outset. 
This random variation of allele frequencies 
from one generation to the next is called genetic 
drift. Genetic drift is ubiquitous because it 
stems from a very basic feature of the process of 
inheritance: whenever an offspring is pro-
duced, each parental allele at a particular locus 
has a probability of 0.5 to be passed on to that 
offspring. This creates random variation in 
how often a particular allele is passed on to the 
next generation and, in turn, random variation 
in allele frequencies between generations. This 
random variation is greater when fewer off-
spring are produced, as occurs when popula-
tions are small. Take, for example, the case of 
an individual that is heterozygous at a particu-
lar locus (A / a). Let us assume that it mates 
with an individual that is homozygous a / a and 
that they have two offspring during their life-
time. The probability that the fi rst offspring is 
an a / a homozygote is 0.5. Hence, the probabil-
ity that the A allele is not passed on to this off-
spring is 0.5. The probability that the A allele is 
also not passed on to the second offspring is 
also 0.5. Hence, the probability that neither off-
spring inherits a copy of the A allele is 0.5 × 0.5 
= 0.25. Thus, in this scenario, there is a one-
other wild or domestic species. We present 
methods of estimating some of the most impor-
tant variables, such as the effective population 
size, evolutionary adaptive potential, inbreed-
ing, inbreeding depression, and the degree of 
hybridization. Specifi c recommendations for 
the planning and execution of a reintroduction 
are given in the penultimate section, divided 
into prerelease and post-release issues. Finally, 
we present an outlook on future research and 
end with management recommendations.
GENETIC ISSUES IN REINTRODUCTIONS
Reintroduced Populations Begin Small
Almost all reintroduced populations are small 
for a substantial length of time. To begin with, 
reintroduced populations often have a history 
of severe reductions in population size (so-
called bottlenecks) prior to reintroduction. 
They are also small following reintroduction 
because founder numbers are nearly always 
limited by availability of individuals for release, 
funds, or political will. Small founder numbers 
are also typical of populations that are bred in 
captivity. Populations reintroduced from captiv-
ity thus experience founder events and periods 
of small population size at least twice.
How long reintroduced populations remain 
small depends on the intrinsic population 
growth rate of the species, post-release mortal-
ity, and other components of reintroduction 
success. Populations of species with typically 
low population growth rates (e.g., many large 
mammals) will remain small for longer follow-
ing a bottleneck than populations of species 
with higher population growth rates, e.g., fi sh 
(Denney et al. 2002). Small population size has 
many important consequences for conservation 
and reintroduction biology, as noted decades 
ago when conservation biology emerged as a 
new fi eld (e.g., Soulé 1986, Ballou et al. 1995). 
These consequences are often demographic 
(see Chapter 7), but small population size also 
raises genetic concerns. This is because ran-
dom genetic fl uctuations, known as genetic 
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variation is evident because heterozygosity 
in the population declines. The decline in 
heterozygosity as a consequence of genetic 
drift is proportional to 1
2Ne
, where Ne is the 
effective population size (Box 8.1).
e. In independent populations, different 
alleles will increase or decrease in fre-
quency through time as a result of genetic 
drift. Consequently, as time goes on, 
populations will become increasingly 
differentiated. Thus, genetic drift also 
results in genetic divergence between 
populations. This has important conse-
quences for reintroductions: when several 
independent populations are reestablished 
from a single source, genetic drift will lead 
to genetic differentiation among the 
reintroduced populations, even though they 
are all descendants of the same source 
population. This effect has been observed 
in genetic analyses of reintroductions 
(Biebach and Keller 2009). In the case of 
the Alpine ibex (Capra ibex), these effects 
of drift are evident even a hundred years 
after successful reintroduction (Box 8.2).
Natural populations of mockingbirds on the 
Galápagos Islands illustrate some of these 
effects of genetic drift clearly (fi gure 8.1). First, 
the smaller the population size, the higher the 
random changes in allele frequencies over a 
period of 100 years, which corresponds to 
approximately 25 generations. Second, the 
smaller the population size, the smaller the 
proportion of rare alleles (alleles with a fre-
quency <0.1) that exist in a population. Finally, 
although this cannot be seen directly from fi g-
ure 8.1, heterozygosity and the number of 
alleles at a locus are lower in small populations 
of mockingbirds (Hoeck et al. 2010, Keller et al. 
2012). Note, however, that across all islands in 
Galápagos, genetic diversity did not change 
over the 100 years, despite strong genetic drift 
within islands. This may at fi rst seem counter-
intuitive, but it is actually an expected result 
for two reasons. First, as outlined in point (e) 
fourth chance that the A allele is lost from one 
generation to the next and that the offspring 
population is entirely homozygous (a / a). Con-
versely, the probability of the A allele being 
passed on to both offspring is also one-fourth. 
Hence, there is one-fourth probability that the A 
allele is underrepresented, and one-fourth prob-
ability that it is overrepresented in the next gen-
eration. This basic feature of Mendelian inheri-
tance, sometimes called Mendelian lottery, is 
the basis for random genetic drift. Clearly, the 
probabilities we just calculated depend on the 
frequency of an allele in the population, the 
population size, and the number of offspring 
produced. The equations that make the relation-
ship between allele frequency, population size, 
and number of offspring explicit are relatively 
complex, so we will not present them here. 
The interested reader is instead referred to 
Frankham et al. (2010) for details.
Even without going into the mathematical 
details of genetic drift, this short introduction 
allows us to reach a few conclusions that are 
important for reintroductions:
a. From one generation to the next, genetic 
drift leads to changes in allele frequency in 
random directions, with no tendency for 
allele frequencies to return to the original 
values.
b. These random changes are more pro-
nounced the smaller a population is.
c. On average, the number of offspring 
produced is greater in growing populations 
than in stable populations. The reverse is 
true in shrinking populations. Hence, 
genetic drift is less pronounced in growing 
populations than in stable populations of 
the same size. Conversely, in shrinking 
populations genetic drift is more 
pronounced.
d. Ultimately, genetic drift leads to the loss of 
alleles and, hence, to a loss of genetic 
variation, with rare alleles being lost faster 
than common alleles. Already before an 
allele is completely lost, reduced genetic 
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number of generations required to attain equi-
librium depends on various factors (number of 
populations, population sizes, rates of gene 
fl ow) but will often be in the hundreds or thou-
sands of generations (Varvio et al. 1986). This 
equilibrium is evident in the Galápagos mock-
ingbirds. Reintroduced populations, however, 
are rarely at equilibrium and will become 
increasingly differentiated over generations, as 
observed among reintroduced Alpine ibex pop-
ulations (Box 8.2).
Founder Effects Are Periods of 
Particularly Strong Genetic Drift
In reintroductions, a limited number of founder 
individuals are released in a new location. Of 
those founders, not all will survive and repro-
duce. In fact, post-release mortality can be 
high. In crested coot (Fulica cristata), annual 
mortality and dispersal was about 80% the fi rst 
year after release and 34% once an animal sur-
vived the fi rst year (Tavecchia et al. 2009). In 
Alpine ibex, less than half of all released indi-
above, when populations drift independently, a 
particular allele at a locus is likely to become 
more frequent in some populations and less fre-
quent in others. Although allele frequencies 
change substantially within populations, on 
average across all populations the frequencies 
remain roughly constant. Hence, while genetic 
drift leads to allele frequency changes and loss 
of genetic variation within each individual pop-
ulation, across a set of populations genetic drift 
does not reduce genetic variation in the same 
way. A second reason why across several popula-
tions one does not always expect a loss of genetic 
diversity is that in the presence of some gene 
fl ow among populations, an equilibrium devel-
ops between genetic drift and gene fl ow (Varvio 
et al. 1986). Genetic drift reduces genetic varia-
tion within populations and increases genetic 
differentiation among populations, while gene 
fl ow has the opposite effects. Hence, over time, 
an equilibrium is approached and the levels of 
genetic variation and differentiation across sev-
eral populations remain roughly constant. The 
To keep equations manageable, much of popula-
tion genetics theory makes use of the concept of 
an idealized population. Such an ideal population 
has no migration, an equal sex ratio, random mat-
ing, Poisson distributed offspring numbers, and a 
constant size (Allendorf et al. 2013). Natural popu-
lations clearly deviate from these characteristics. 
To nevertheless allow the application of the theory 
to real-life populations, population geneticists 
invented a trick: the effective population size (Ne). 
Ne is the population size of an idealized popula-
tion, which meets the prior criteria, that experi-
ences equal variance in allele frequencies or equal 
rate of inbreeding in each generation as the popu-
lation under study (Allendorf et al. 2013). In natural 
populations, Ne is generally smaller than the cen-
sus population size, Nc, although exceptions exist 
where the opposite is true (Waples et al. 2013). 
This reduction in Ne compared to Nc depends on 
how the life history of a species leads to deviations 
from the idealized population characteristics. Par-
ticularly important parameters that affect the 
Ne / Nc ratio are variance in reproductive success 
and varying population size (Frankham 1995; see 
also Box 8.2). Some species have high census pop-
ulation sizes, but relatively low Ne. For example, in 
Chinook salmon populations an Ne / Nc ratio below 
0.2 is common (Shrimpton and Heath 2003). In 
species that live in social groups, variance in repro-
ductive success may be high due to the suppres-
sion of reproduction in subordinate individuals. 
Consequently, the Ne / Nc ratio is small. For exam-
ple in wild dogs (Lycaon pictus) Ne / Nc ratios below 
0.1 were found (Marsden et al. 2012).
Note that there are several defi nitions of Ne and 
Nc (e.g., Crow and Denniston 1988, Luikart et al. 
2010, Waples et al. 2013) that can differ substan-
tially in reintroduced populations (Ewing et al. 
2008). Details in the context of reintroductions 
can be found in Keller et al. (2012).
BOX 8.1 • The Concept of the Effective Population Size (Ne) to Cope with Real, 
Non-idealized Populations
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FIGURE 8.1. Comparison of allele frequencies at 16 
microsatellite loci in mockingbird populations (Mimus 
trifasciatus and Mimus melanotis) in Galápagos in 1906, 
and approximately 100 years later in the same populations. 
Open circles represent the frequencies of each allele, the x 
represents the average allele frequency in each population 
across all 16 loci, and the dashed lines represent the 95% 
normal probability contour ellipses. The smallest 
population (Champion Island) shows the greatest 
differences in allele frequencies (widest 95% contour 
ellipses) and the lowest proportion of rare alleles (alleles 
with frequencies <0.1), followed by the medium-sized 
population on Gardner Island by Floreana and the large 
population on Cristobal Island. Note that the average allele 
frequency across all loci did not change appreciably over 
time in any of the populations.
Jachowski - Reintroduction of Fish & Wildlife Populations.indd   153 30/07/16   2:53 PM
154     obstacles to successful reintroductions
Alpine ibex (Capra ibex) are a wild goat species 
endemic to the European Alps that nearly went 
extinct in the eighteenth century due to overhunt-
ing. This near extinction led to a strong bottle-
neck, with only one population of fewer than 100 
individuals surviving in northern Italy, in what is 
now the Gran Paradiso National Park (Grodinsky 
and Stüwe 1987). Alpine ibex recovered from this 
fi rst known bottleneck and by the beginning of the 
twentieth century the population numbered about 
2,000 individuals (Maudet et al. 2002). Starting in 
1906, a total of 88 young ibex were taken from the 
sole remaining population in Italy and raised in 
two zoos in Switzerland (Stüwe and Nievergelt 
1991). Individuals produced from this captive 
breeding stock were used for later reintroductions 
in Switzerland and elsewhere.
In Switzerland, approximately 50 ibex popula-
tions were reintroduced between 1911 and 1984. 
Other countries also reintroduced Alpine ibex, and 
today an estimated 40,000 individuals inhabit the 
region, 14,000 of which can be found in Switzer-
land (Shackleton and IUCN / SSC Caprinae Special-
ist Group 1997). These reintroductions created up 
to four bottlenecks in addition to the one, which 
drove the species precipitously close to extinction 
(Biebach and Keller 2009). The fi rst additional 
bottleneck occurred when the ibex kids were trans-
ferred to Swiss zoos. Reintroductions of zoo-bred 
individuals into the wild caused the second bottle-
neck. The third took place when three of these 
wild, but captive-founded, populations (Mont 
Pleureur, Albris, Brienzer Rothorn) served as the 
main sources for almost all subsequently founded 
populations. Some of these wild-founded popula-
tions served as further source populations, lead-
ing in some cases to an additional fourth bottle-
neck. These serial founder events with iterative 
periods of small population size resulted in strong 
genetic drift and inbreeding in Alpine ibex popula-
tions (Biebach and Keller 2009, 2010, 2012).
The combination of many replicated reintroduc-
tions and detailed demographic data over several 
decades makes the Alpine ibex an ideal study sys-
tem to explore the genetic consequences of rein-
troductions. In the following we will highlight 
some of the ways in which the reintroductions 
affected the genetic composition of these popula-
tions and their subsequent development.
Genetic Contribution of Founders
In a reintroduction, not all founders survive long 
enough to contribute genetically to the next gen-
erations (Jule et al. 2008). Hence, the number of 
founders that contribute genetically to a reintro-
duced population may differ substantially from 
the number of released individuals. That was the 
case in Alpine ibex, even after accounting for the 
loss of genetic lineages through genetic drift after 
the reintroductions (Anderson and Slatkin 2007). 
Only about half of all the released individuals con-
tributed genes to the next generations, probably 
due to heavy post-release mortality and lack of 
successful reproduction (Biebach and Keller 2012). 
However, the release of closely related founder 
individuals could also contribute to this pattern. 
Since the genetic composition of reintroduced 
populations will depend on the number of found-
ers that contribute genetically to the next genera-
tions and not on the number of released founders, 
post-release mortality, lack of successful repro-
duction, and the relatedness of the founders need 
to be considered when planning reintroductions.
Genetic Drift
Alpine ibex populations exhibit the genetic struc-
ture typical of populations shaped by strong 
genetic drift: they differed substantially in their 
allele frequencies and showed signifi cant genetic 
differentiation from each other, even though they 
all descended from the same original source pop-
ulation (Biebach and Keller 2009). The population 
differentiation refl ected the reintroduction history 
rather than the biology of ibex (fi gure 8a): there are 
three main clusters representing the three captive-
founded populations and their descendant popu-
lations. Thus, even 100 years after the beginning 
of the reintroductions, genetic drift caused by the 
reintroduction history was the main determinant 
of today’s genetic structure. Decisions made dur-
ing reintroductions thus affect the genetic makeup 
of reintroduced populations for a very long time.
BOX 8.2 • Genetic Management of Reintroduced Alpine Ibex
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8a Unrooted neighbor-joining tree of Swiss Alpine ibex populations using Cavalli-
Sforza’s and Edwards’ chord distance (Dc). The ancestral Gran Paradiso 
population was used as the outgroup or source population. The three captive-
founded populations (in bold) and their descendant populations represent the 
three main clusters (dark gray, light gray, and white). For details, see Biebach and 
Keller (2009).
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Effective Population Size
The most straightforward way to quantify the 
strength of genetic drift is to estimate the effective 
population size, Ne. We used linkage disequilib-
rium at neutral loci (Waples and Do 2008) to esti-
mate the effective population size of Alpine ibex 
populations at the present time (Biebach and 
Keller 2010). The average Ne of Swiss Alpine ibex 
populations was about 100, indicating that extant 
ibex populations are losing on average 0.5% of 
their expected heterozygosity per generation. As 
expected for Ne estimates from only one sampling 
period, confi dence intervals were large. Interest-
ingly, current population sizes were not a good 
predictor of Ne in Alpine ibex, because only 16% 
of the variance in Ne among populations was 
explained by current population sizes. This high-
lights the need for genetic studies in addition to 
careful demographic monitoring.
Loss of Genetic Variation
Alpine ibex populations generally exhibited low 
but differing levels of genetic variation. The 
observed levels of genetic variation were in part a 
consequence of the founder group composition. 
Both the founder group size and the admixture of 
the founder group affected genetic variation, with 
admixture, i.e., the contribution of the different 
source populations in Switzerland to the founder 
group, being twice as important as the founder 
group size (fi gure 8b). This highlights that releas-
ing animals from different sources can be very 
important for the maintenance of genetic varia-
tion, even in reintroductions where all individuals 
ultimately stem from a single ancestral population 
and where admixture is thus only between sub-
populations created by the reintroduction 
management.
In addition, observed levels of genetic variation 
declined with increasing numbers of bottlenecks. 
In line with expectations, heterozygosity declined 
continuously across bottleneck number, but allelic 
diversity was lost at a greater rate in earlier bottle-
necks owing to the preferential loss of rare alleles 
(Wright 1931, Maruyama and Fuerst 1985a, Allen-
dorf 1986).
The combined Swiss ibex populations and the 
ancestral Gran Paradiso population exhibited very 
similar levels of genetic variation, indicating that 
the estimated 88 ibex that were brought from Gran 
Paradiso to Switzerland were suffi cient to transfer 
most of the genetic variation. However, each 
Swiss population on its own exhibited lower 
genetic variation than the Gran Paradiso popula-
tion, showing that none of the Swiss populations 
received the total genetic variation brought into 
the captive breeding programs in Switzerland. 
Instead, this variation was split up between rein-
troduced ibex populations, with genetic drift 
resulting in further loss of genetic variation within 
each population.
Inbreeding
Substantial inbreeding accumulated in the Swiss 
Alpine ibex populations in the approximately 
12 generations since the beginning of the 
reintroductions (Biebach and Keller 2010). 
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8b Effects of founder group size (left) and admixture of the founder group (right) on allelic diversity in 41 
Swiss Alpine ibex populations. All variables are scaled to a mean of 0 and a standard deviation of 1; hence, the 
regression coeffi cients given in the top left corner of each panel can be compared directly. For details, see 
Biebach and Keller (2012).
Jachowski - Reintroduction of Fish & Wildlife Populations.indd   156 30/07/16   2:53 PM
genetic issues in reintroduction     157
The average inbreeding coeffi cient was 0.11, nearly 
as high as that expected from one generation of 
half-sib mating. Inbreeding varied substantially 
among populations as a function of the size of 
the founder group, its admixture, and the 
harmonic mean population size over time (see 
equation 1).
Inbreeding Depression
Inbreeding depression was evident at both the 
individual and the population level. At the individ-
ual level, inbreeding measured as multi-locus het-
erozygosity at 37 microsatellite loci revealed 
inbreeding depression in several fi tness-related 
traits (body mass, horn length, and parasite load) 
in adult males in the Gran Paradiso population 
(Brambilla et al. 2015). The population-level analy-
sis also revealed inbreeding depression: more 
inbred populations grew more slowly than less 
inbred populations, when other factors, such as 
climatic variation, were accounted for (fi gure 8c; 
Bozzuto et al., forthcoming).
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8c Effect of inbreeding (measured as population-
specifi c FST) on intrinsic population growth rate 
(measured as the log-transformed population growth 
rate, r0). The sizes of the circles represent the weights 
of the data points in the regression analysis.
viduals survived long enough to contribute 
genes to the following generations (Box 8.2). 
Thus, from a genetic point of view, the bottle-
necks in Alpine ibex associated with the rein-
troductions were twice as pronounced than 
expected from the number of released found-
ers. Reintroductions therefore generally lead to 
periods of pronounced genetic drift in the 
newly founded populations, a consequence 
termed the “founder effect.” As expected from 
the effects of genetic drift outlined above, 
founder effects cause drastic changes in allele 
frequencies, heterozygosity, and number of 
alleles at a locus. However, heterozygosity and 
the number of alleles react differently to the 
founder effect.
To see why, imagine a reasonably large popu-
lation that has 10 alleles at a particular locus 
with a heterozygosity of 0.8. Two founders are 
taken from this population to create a new, rein-
troduced population. For simplicity, we assume 
that the population immediately grows to a 
large population size one generation after 
founding. This is admittedly an unrealistic sce-
nario, but it illustrates the general principle. 
More realistic scenarios can be found in Nei et 
al. (1975) and Denniston (1978). Since heterozy-
gosity declines in small populations at a rate of 
1
2Ne
 each generation, the reintroduced population 
will have lost 1
2 * 2 
= 25% of its heterozygosity, 
retaining a heterozygosity of 0.6 at the hypo-
thetical locus. The expected number of alleles 
surviving at this same locus is m – Σ
 
j(1 – pj)
2N, 
where m is the number of alleles before the 
founder event, pj is the frequency of the jth 
allele prior to the founder event, and N is the 
number of founder individuals (Denniston 
1978). Under this expectation, alleles at previ-
ously high frequencies have a high likelihood of 
being present within surviving individuals and 
a low probability of loss. Rare alleles, in con-
trast, are unlikely to be represented among the 
founders unless a large number of founders 
are used. In our example above with m = 10, 
we would expect on average 7.5 alleles to be 
lost in a founder event with two founders, given 
reasonable assumptions about the allele fre-
quencies pj. Thus, the relative loss of alleles 
through the founder effect (75%) is much more 
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some will become frequent, perhaps even fi xed 
(Whitlock and Bürger 2004). The increased fre-
quency of harmful alleles in small populations 
reduces the average fi tness of these popula-
tions. For this reason, the phenomenon is also 
called “drift load” (Willi et al. 2013). The proba-
bility that harmful alleles drift to high frequen-
cies increases with the length of time a popula-
tion is small. Populations that have been small 
for a long period due to habitat fragmentation or 
repeated bottlenecks may be particularly vul-
nerable to fi tness loss through this process. If 
the fi tness loss is large enough, a population 
may not be able to sustain itself and will decline 
to extinction (Whitlock and Bürger 2004).
Unfortunately, the effects of the increased 
frequency of harmful alleles are diffi cult to 
detect empirically in reintroduced populations. 
For one, it takes tens or hundreds of generations 
for the effects of drift load to become apparent 
(Whitlock and Bürger 2004), so most reintro-
ductions are not yet old enough to show such 
effects. Second, it is diffi cult to conclusively 
show that fi xation of deleterious alleles is the 
cause of an observed fi tness decline, because 
crossings among populations are required to 
demonstrate this, something that is not possible 
in most populations of conservation concern. 
However, Luquet et al. (2011, 2013) have recently 
proposed a method that yields estimates of the 
relative magnitude of drift load in natural popu-
lations. Applications of this methodology to rein-
troduced populations are still lacking. Hence, at 
present there is no empirical study of the effects 
of drift load in reintroduced populations. How-
ever, given the theory and the empirical results 
from laboratory crosses (Coutellec and Caquet 
2011, Willi et al. 2013), it seems prudent to 
assume that reintroduced populations could also 
suffer from increased frequencies of harmful 
alleles given their often prolonged small size.
Loss of Genetic Variation Reduces 
Evolutionary Potential
No environment is constant: predators and 
competitors come and go, novel diseases 
emerge, habitat conditions change. To some 
pronounced than the relative loss of heterozy-
gosity (25%).
Reintroductions sometimes result in serial 
founder effects (Box 8.2). While heterozygosity 
is predicted to decline by 1
2Ne
 through each of 
these founder effects regardless of levels of het-
erozygosity, the loss of alleles will slow down. As 
many rare alleles are lost through the fi rst 
founder effect, those alleles that remain are at 
higher frequency. Therefore, they are lost at a 
reduced rate through further founder effects 
(Biebach and Keller 2009). Highly endangered 
species that have gone through a global bottle-
neck before becoming the focus of active conser-
vation efforts may have already lost most rare 
alleles. In such situations, further bottlenecking 
will lead to little additional loss of alleles (Box 
8.2) (e.g., Taylor and Jamieson 2008, Brekke et 
al. 2011). Note that this does not imply that there 
is no further genetic drift or no further loss of 
genetic variation. Heterozygosity, and hence 
genetic variation, continues to be lost through 
genetic drift through each additional founder 
effect (Box 8.2).
Genetic Drift Can Increase the Frequency of 
Deleterious Alleles
All populations harbor deleterious alleles that 
arise continuously through mutation. In large 
populations, such deleterious alleles are nor-
mally found at low frequencies because selec-
tion operates against them (Whitlock and 
Bürger 2004). However, in small populations, 
selection is less effective, and genetic drift can 
even lead to an increase in the frequency of del-
eterious alleles. Specifi cally, when the detri-
mental effects of an allele are less than one over 
twice the effective population size (i.e., s ≤ 1
2Ne
, 
where s is the selection coeffi cient and Ne the 
effective population size), the frequency of an 
allele is more strongly affected by genetic drift 
than by selection (Lynch 1996). When that is 
the case, harmful alleles can increase or 
decrease in frequency, depending on the vaga-
ries of genetic drift. The majority of harmful 
alleles will be lost through genetic drift, but 
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affects the long-term adaptive responses of a 
population (Allendorf 1986). It does so through 
rare alleles, which are found more frequently in 
large populations (see fi gure 8.1 for an empiri-
cal example). Rare alleles do not contribute 
substantially to VA and, hence, immediate 
response to selection; however, if favorable, 
they may be important for the long-term adap-
tive response of a population (Robertson 1960, 
James 1970, Frankham 1980, Allendorf 1986).
A recent simulation study found that mea-
sures based on heterozygosity and VA predicted 
short-term response to selection best, while 
allelic diversity was the best predictor of the 
total long-term adaptive response to selection 
(Caballero and Garcia-Dorado 2013). The rea-
son that allelic diversity captures the long-term 
responses to selection better than VA and het-
erozygosity is that long-term response to selec-
tion depends on the input of new mutations. 
The number of new mutations is better cap-
tured by allelic diversity than heterozygosity. 
The explanation for this is somewhat technical, 
and can be found in Caballero and Garcia-
Dorado (2013). The important conclusion is 
that both heterozygosity and allelic diversity 
must be considered to conserve a population’s 
evolutionary potential in the long run. While 
no data exist from reintroduced populations, 
experiments with bottlenecked Drosophila sup-
port this view: changes in heterozygosity alone 
were not suffi cient to predict adaptive responses 
after extreme bottlenecks, suggesting an 
important role for allelic diversity (Swindell 
and Bouzat 2005).
Ensuring suffi cient evolutionary potential 
in the long run must therefore be an important 
goal of every reintroduction. Interestingly, 
ensuring high heterozygosity and allelic diver-
sity may also have immediate payoffs for rein-
troductions. A meta-analysis of several plant 
and animal species demonstrated that in 17 out 
of 18 cases more diverse populations had a 
greater chance of successful establishment in 
the fi rst few generations after founding, and 
this effect was most pronounced among popu-
lations established in the wild (Forsman 2014). 
degree, organisms can cope with such changes 
by being phenotypically plastic, that is, by 
adjusting their physiology, morphology, or 
behavior to the environmental conditions they 
experience. For example, great tits (Parus major) 
have managed so far to adjust their breeding 
phenology to warmer spring temperatures by 
laying their eggs earlier (Vedder et al. 2013). 
However, not all species show such phenotypic 
plasticity. The breeding phenology of roe deer 
(Capreolus capreolus), for example, has not 
tracked climate change over the past 27 years 
and roe deer hence suffer reduced fi tness (Plard 
et al. 2014). In the absence of phenotypic plas-
ticity, adaptation to changing environmental 
conditions requires adaptive evolutionary 
change (see part III in Carroll and Fox 2008). 
Hence, one major goal of reintroductions is to 
provide newly established populations with the 
necessary raw material for adaptive evolution-
ary change in response to selective challenges 
in their environment (e.g., Lynch 1996). This 
ability for adaptive evolutionary change is called 
evolutionary potential (e.g. Frankham et al. 
2010) or adaptive potential.
The raw material for evolutionary potential 
is genetic variation (Frankham et al. 2010, 42) 
with higher variation increasing evolutionary 
potential. Genetic variation is important for 
evolutionary potential in two ways. First, the 
degree to which traits that are affected by many 
genes can adapt in response to selection is a 
function of the heterozygosity at the underlying 
genetic loci. This dependence on heterozygos-
ity arises from the fact that the additive genetic 
variance (VA), that is, the genetic variance upon 
which selection can act, is proportional to the 
expected heterozygosity (see Falconer and 
Mackay 1996, Frankham et al. 2010, for a tech-
nical explanation). Thus, when reintroduced 
populations go through bottlenecks and lose 
heterozygosity, they also lose VA and hence evo-
lutionary potential (Franklin 1980).
A second way in which genetic variation is 
important for evolutionary potential is through 
allelic diversity, the number of alleles present at 
a locus. Allelic diversity is important because it 
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Keller and Waller 2002). It is crucial to be 
aware of this relativity to avoid confusing differ-
ent meanings of inbreeding. For more details 
about the different meanings of the term 
inbreeding, see Keller et al. (2012).
In reintroduced populations that have 
undergone periods of small population size, 
inbreeding will be unavoidable simply due to 
the small pool of breeding individuals. Inbreed-
ing will arise in reintroduced populations even 
in the presence of inbreeding avoidance mecha-
nisms in the species’ behavioral repertoire. 
Even if such avoidance behaviors exist, inbreed-
ing will still occur relative to the original 
founder population. Such inbreeding due to 
restricted population size is also known as the 
“inbreeding effect of small populations” (Allen-
dorf et al. 2013). Under random mating, 
inbreeding is expected to increase per genera-
tion by 1
2Ne
 (Ne is the effective population size, 
Box 8.1). As a consequence, inbreeding will 
accumulate over multiple generations accord-
ing to
 Ft ≈ 1 – e
–t
2Ne , (1)
where t is the number of generations and Ne is 
the harmonic mean population size over differ-
ent years (Crow and Kimura 1970). A reintro-
duced population of Mauritius kestrel (Falco 
punctatus) exemplifi es well this accumulation 
of inbreeding over time. As the population 
grew from 12 to 154 birds, the inbreeding coef-
fi cient increased from F = 0.02 to F = 0.173 
(Ewing et al. 2008). This was equivalent to a 
2.6% increase in inbreeding per generation. 
Equation (1) could be taken to mean that any 
population would get completely inbred with 
time. However, this would only be the case in 
the absence of immigration and mutation, 
which reduce inbreeding in the short and long 
run (Höglund 2009).
Inbreeding Reduces Fitness
In most species, including in species that 
inbreed regularly, inbreeding has harmful 
Thus, maintaining high allelic diversity and 
high heterozygosity may have both short- and 
long-term benefi ts.
Reintroductions have attempted to maxi-
mize the adaptive potential of new populations 
through a number of strategies, such as admix-
ing founders from different populations (e.g., 
Notiomystis cincta, Ewen et al. 2011). Admixed 
populations frequently display greater genetic 
variation than populations from a single source. 
In Alpine ibex, the positive effect of admixture 
was pronounced: it had two to three times the 
impact of the number of released individuals 
on metrics of genetic variation (Biebach and 
Keller 2012).
Inbreeding
Because reintroduced populations are typically 
small to begin with, and in small populations 
animals often will have no other choice than to 
mate with relatives, inbreeding is another 
important genetic issue that needs to be consid-
ered when planning and executing reintroduc-
tions. Inbreeding has received a lot of attention 
in conservation biology over the past few 
decades. We will give a brief overview here, and 
a more detailed account of inbreeding can be 
found in Keller et al. (2012).
Inbreeding is quantifi ed using the inbreed-
ing coeffi cient (commonly denoted by F or f ), 
which ranges from 0 to 1. For example, off-
spring of a full-sib mating or a parent-offspring 
mating have F = 0.25 and offspring of a cousin 
mating have F = 0.0625. The inbreeding coef-
fi cient estimates the proportion of loci across 
the genome of a diploid organism at which the 
two alleles are identical by descent (IBD; i.e., 
they are copies of the same ancestral DNA 
sequence) as a result of the recent common 
ancestry of its parents (Charlesworth and Wil-
lis 2009). It is impossible to trace all ancestors 
all the way back and thus inbreeding is always 
a measure relative to something and not a mea-
sure on an absolute scale (see “Techniques for 
Measuring Important Genetic Variables in 
Reintroductions” later in this chapter, and 
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affected by inbreeding (Fredrickson et al. 
2007).
When a considerable proportion of individu-
als in a population suffer from inbreeding 
depression, this can have effects on population 
dynamics, although this is not always the case 
(Keller et al. 2007). Most worrying in the con-
servation and reintroduction biology context is 
that inbreeding can decrease the population 
growth rate (Box 8.2) and increase the likeli-
hood that a population will go extinct. Simula-
tions suggest that the median time to extinc-
tion decreases by 37% in populations with an 
average amount of inbreeding depression 
(O’Grady et al. 2006). Increased extinction as a 
consequence of inbreeding depression has 
been demonstrated empirically in the Glanville 
fritillary butterfl y (Melitaea cinxia, Saccheri et 
al. 1998). Populations that show increased 
population growth after the introduction of 
new genetic material (e.g., Westemeier et al. 
1998, Hogg et al. 2006) also indicate a previ-
ous effect of inbreeding on population dynam-
ics, which is alleviated by the infl ux of new 
genetic material. For example, in the South 
Island robin (P. australis) introduction of new 
genetic material even from an inbred popula-
tion was suffi cient to more than double juvenile 
survival and to increase recruitment into the 
focal breeding populations from 59% to 95% 
(Heber et al. 2012). Thus, inbreeding can have 
substantial consequences for individual fi tness 
and for population dynamics, illustrating the 
importance of minimizing inbreeding in rein-
troduction programs.
As noted earlier, variation in inbreeding 
depression is very common, and hence not all 
species, population, or traits show adverse 
effects of inbreeding (Keller and Waller 2002, 
Keller et al. 2012). However, it is often diffi cult 
to determine whether an apparent lack of 
inbreeding depression in a particular popula-
tion is due to a lack of data and statistical power, 
or whether it represents a true absence of dele-
terious alleles. Given that inbreeding depres-
sion is very common, even in species that 
habitually inbreed (e.g., Ross-Gillespie et al. 
effects on fertility, survival, and other fi tness-
related traits, a phenomenon summarily 
referred to as inbreeding depression (Keller 
and Waller 2002, Kristensen and Sørensen 
2005, Charlesworth and Willis 2009). The pri-
mary reason for inbreeding depression is that 
numerous mildly deleterious recessive alleles 
become expressed in homozygous inbred indi-
viduals (Charlesworth and Willis 2009). The 
extent of inbreeding depression varies greatly, 
especially among populations of small size 
(e.g., Ralls et al. 1979), because there is a large 
stochastic element in which deleterious alleles 
are present in a population. Thus, variation in 
inbreeding depression is as much a “rule” as its 
presence on average (Keller et al. 2012).
A long list of fi tness-related traits have been 
demonstrated to be negatively affected by 
inbreeding, including morphological traits, 
which can serve as an assessment of general 
condition (see Box 8.2), physiological traits, 
and life-history traits directly linked to fi tness 
such as fecundity and survival (Crnokrak and 
Roff 1999). Unsurprisingly, the direct compo-
nents of fi tness are more susceptible to inbreed-
ing depression than proxies such as body mass 
(Forstmeier et al. 2012). Inbreeding depression 
is also known to be environmentally depen-
dent, with its effects strongest at times of high 
environmental stress such as extreme climatic 
events (Keller et al. 1994, Armbruster and Reed 
2005, Fox and Reed 2011).
Inbreeding depression is by no means a syn-
drome to which reintroduced populations are 
immune. In a population of North Island rob-
ins (Petroica longipes), for instance, translocated 
to a New Zealand island, juvenile survival 
plummeted from 31% for non-inbred offspring 
(with F [pedigree inbreeding coeffi cient] of 0) 
to 11% for offspring with F = 0.25 (Jamieson et 
al. 2007). Likewise, in the Mexican wolf (Canis 
lupus baileyi), where all living individuals stem 
from three lineages founded by only seven indi-
viduals, inbred males of the McBride lineage 
had an extremely low mating success, to the 
point of being virtually infertile. Several other 
traits in fathers, mothers, and pups were also 
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Captive breeding is required for a number of 
diverse reasons (Allendorf et al. 2013). For 
instance, individuals from a wild source popu-
lation may not be available in suffi cient num-
bers to found a new population (Box 8.2), or 
declining wild populations may need supple-
mentation with individuals from captivity, as is 
often the case in overexploited species of com-
mercial value (Box 8.3).
The genetic issues that arise during a cap-
tive breeding program are largely the same as 
we have discussed so far. Captive populations 
experience the consequences of genetic drift 
and inbreeding like wild populations, includ-
ing loss of genetic variation, increased fre-
quency of harmful alleles, increased inbreed-
ing, and inbreeding depression (Frankham 
2008). These effects are well documented in 
captive populations, e.g., in captive-bred popu-
lations of the Mexican wolf (Fredrickson et al. 
2007, Hedrick and Fredrickson 2008; see also 
Box 8.3).
However, one genetic process differs in 
important ways between captive and wild popu-
lations: selection. Selective pressures differ 
between captive and natural environments, 
leading to relaxed natural selection against del-
eterious alleles in captivity and to adaptation to 
captivity (Allendorf et al. 2013, 405–410). These 
effects can be detrimental to reintroduction 
success (Frankham 2008), and may be among 
the reasons for the lower success rates of rein-
troductions using individuals raised in captiv-
ity rather than in the wild (13% vs. 31% [Fischer 
and Lindenmayer 2000]; 28% vs. 75% [Griffi th 
et al. 1989]; 50% vs. 71% [Wolf et al. 1996]). In 
the following, we briefl y discuss the genetic 
issues arising from the changed selective pres-
sures in captivity.
Adaptation to Captivity Is a Serious 
Problem, Which Increases with Duration in 
Captivity and Ne
Selection pressures in captivity differ from 
those in the natural habitat, leading to genetic 
adaptation to the captive environment, a 
process that has been documented in many 
2007) and given the serious potential conse-
quences of inbreeding for reintroduced popula-
tion, it seems wise to plan and execute reintro-
ductions in ways that minimize inbreeding 
(Allendorf et al. 2013).
Purging Is Unlikely to Reduce Genetic Load 
Effectively in Reintroduced Populations
By increasing homozygosity, inbreeding exposes 
the so-called genetic load of deleterious recessive 
alleles to natural selection and, hence, may lead 
to a reduction in the frequency of deleterious 
alleles (Allendorf et al. 2013). This process, 
known as genome purging, may appear attrac-
tive from a reintroduction point of view because 
it suggests that inbreeding problems may even-
tually disappear in reintroduced populations. 
However, a number of studies have made it clear 
that the right cocktail of demographic condi-
tions is required for this process to work: popula-
tion size needs to decline slowly enough during 
a bottleneck so that inbreeding accumulates 
gradually, alleles need to be deleterious enough 
so that selection can act on them (s ≥ 1
2Ne
), the 
population must be suffi ciently isolated for these 
alleles not to be reintroduced with gene fl ow 
from neighboring populations, and inbreeding 
should arise from nonrandom mating rather 
than random mating (see Keller et al. 2012, for 
more details and a summary of the literature). 
In reintroductions, these conditions seem to be 
met rarely so that conclusive empirical evidence 
supporting the occurrence of purging in reintro-
ductions remains absent. Although purging 
undoubtedly can be effective under the right cir-
cumstances, these circumstances are rare and 
purging is thus far too risky a management 
strategy to be employed systematically (Crnokrak 
and Roff 1999, Frankham et al. 2001, Keller et 
al. 2012).
Captive Breeding
Wild source populations are not always avail-
able for reintroductions. In those cases, captive-
bred individuals are reintroduced into the wild. 
Jachowski - Reintroduction of Fish & Wildlife Populations.indd   162 30/07/16   2:53 PM
genetic issues in reintroduction     163
Steelhead trout (Oncorhynchus mykiss) are a 
migratory life-history form of the resident rainbow 
trout. Steelhead trout hatch in freshwater streams, 
migrate to the sea, and return as adults 3–6 years 
later to their natal freshwater stream for spawning. 
The return year of fi sh is called the run year and 
the year after, the brood year (fi gure 8d). In the 
Hood River in Oregon, United States, two distinct 
steelhead populations are abundant, which 
migrate at different times of the year (summer run 
and winter run). Both populations breed in spring, 
but in different forks of the river (Kostow 2004). 
There is little or no hybridization between the 
winter- and summer-run populations, but inter-
breeding between the two life-history forms of O. 
mykiss (steelhead and rainbow trout) does occur in 
the Hood River (Araki et al. 2007a).
Hatchery Programs
Demographic supplementation of the steelhead 
trout populations in the Hood River started with a 
so-called traditional hatchery program. A collec-
tion of fi sh from other river populations were used 
to build a brood stock, with the brood stock for the 
winter and summer runs founded in 1941 and the 
1950s, respectively (Araki et al. 2007a). Offspring 
from this brood stock, which was in captivity for 
multiple generations and originated from nonlocal 
populations, were released into the Hood River. 
This traditional hatchery program was phased out 
in the 1990s and replaced with a supplemental 
hatchery program that started in 1991. In the sup-
plemental hatchery program, wild fi sh from local 
populations in the Hood River were caught each 
year anew and used as brood stock. Offspring of 
these wild-caught fi sh were reared in a hatchery in 
the Hood River and released as smolts after 1 year 
(Araki et al. 2007a). This hatchery program there-
fore involves the release of local fi sh, which remain 
in captivity only during the freshwater phase of 
their life cycle.
A dam in the Hood River acts as a complete bar-
rier to all salmonids, where all returning adults are 
counted, trapped, and sampled for DNA analysis. 
Additionally, various data such as body size, run 
time, age, and gender are recorded (Araki et al. 
2007a). After being handled, fi sh are either taken 
as brood stock, allowed to pass through the dam 
to continue on to the spawning grounds, or 
released downstream. Of the fi sh allowed to pass 
through the dam, numbers of hatchery-born fi sh 
are not allowed to exceed numbers of wild-born 
fi sh, to avoid a predominance of hatchery-born 
fi sh in the gene pool of the spawning fi sh (Araki et 
al. 2007a).
Fitness of Local versus Nonlocal Brood 
Stock
The reproductive success (RS, hereinafter) of 
released fi sh raised in the traditional hatchery 
(Htrad) was 62% lower than of fi sh raised in the 
supplemental hatchery (Hsupp; Araki et al. 2007a). 
Fish experienced similar environments in both 
hatchery systems and thus it seems reasonable to 
conclude that most of this large difference in RS 
between fi sh from Htrad and Hsupp is of genetic 
rather than environmental origin (Araki et al. 
2007a). Released fi sh from Htrad could carry mal-
adapted genes either because the brood stock 
originated from a population that was adapted to 
a different riverine environment or due to adapta-
tion to the captive environment. It is likely that 
both mechanisms contributed to the lower RS of 
fi sh from Htrad than Hsupp. These results exemplify 
the risk of releasing individuals that are not 
adapted to the reintroduction site.
Genetic Consequences for Fitness of 
Captive Rearing
To investigate the genetic effects of hatcheries on 
the fi tness of fi sh, RS of fi sh with one parent reared 
in the wild and one parent reared in captivity was 
compared to RS of fi sh from two wild parents (fi g-
ure 8d, study design 2) (Araki et al. 2007b). Both 
fi sh types were reared under standard conditions. 
Therefore, the only difference between the two 
fi sh types was that either none or half of the 
genome came from a captive-reared parent. Fish 
were released as juveniles and returned 2–5 years 
later for spawning, when RS was measured. RS of 
fi sh with one captive-reared parent was only 55% 
that of fi sh with two wild parents (fi gure 8e, panel 
A). These results together with data from four 
other salmonid hatchery stocks with different 
numbers of generations in captivity show a 37.5% 
BOX 8.3 • Genetic Management of Anadromous Steelhead Trout
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fitness decline per captive-reared generation 
(Araki et al. 2007b). Results of this study show 
strikingly that captive breeding can lead to sub-
stantial fi tness reductions, even when fi sh are only 
born and reared in captivity and remain in the wild 
the rest of their lives. Such a substantial fi tness 
decline within only one generation is plausible if 
domestication selection acts on multiple traits 
throughout the life cycle (Araki et al. 2008).
Effects of Captive Breeding on Wild 
Descendants
Further studies showed that the genetic effects of 
captive breeding are not erased by a full genera-
tion in the wild, but are still evident in the second 
generation after captive breeding (Araki et al. 
2009). RS of wild-born fi sh with either two cap-
tive-reared parents, one captive-reared and one 
wild-born parent, or two wild-born parents was 
compared (fi gure 8d, study design 3). Although 
there was high variation between years, on aver-
age wild-born fi sh with two captive-bred parents 
had only about one-third of the fi tness (37%) of 
wild-born fi sh from two wild parents (fi gure 8e, 
panel B). Reproductive fi tness of wild-born fi sh 
with only one captive-reared parent was 87% of 
the fi tness of wild-born fi sh from two wild parents. 
In total, this carryover effect of releasing captive-
reared fi sh is estimated to reduce population fi t-
ness by 8% relative to a purely wild population of 
the same size (Araki et al. 2009). This highlights 
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8d Study design used to investigate the genetic consequences of adaptation to captivity in steelhead trout. Light 
gray denotes wild-born fi sh and dark gray captive-born fi sh. Captive-born fi sh were born and reared in the 
hatchery and released as juveniles into the wild. Wild-born fi sh spent their entire lives in the wild. Numbers in 
circles show the run years in which steelhead trout parents returned (top) and their brood year (bottom). The 
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from two wild parents (C[W ∑ W]). Study design 2 quantifi ed the genetic effects of being raised in captivity on 
reproductive success by crossing captive-born individuals with wild fi sh (C[C ∑ W]) and comparing their 
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that captive rearing can reduce fi tness not just in 
the fi rst, but also in subsequent generations.
Adaptation to Captivity and Inbreeding
Several mutually nonexclusive mechanisms could 
be the cause for the reduced fi tness of hatchery-
reared fi sh and their descendants. The two most 
plausible mechanisms in this study are inbreeding 
in offspring of hatchery fi sh and selection for the 
captive environment (Araki et al. 2008, Christie et 
al. 2012a). Both mechanisms were tested in steel-
head trout in the Hood River.
In the supplemental hatchery program of steel-
head trout, inbreeding arises when captive-reared 
fi sh return as adults to the spawning grounds and 
8e A: Relative reproductive success (RS) of captive-reared fi sh with one captive-born and one wild-born parent 
(C[C ∑ W]) and with two wild-born parents (C[W ∑ W]). RS was measured relative to wild fi sh (cross at generation 
0). Relative RS of C[W ∑ W] is plotted at generation 1 and relative RS of C[C ∑ W] at generation 2 (after Araki et al. 
2007b, reprinted with permission from AAAS). 
B: Relative RS of wild-born male (above) and female (below) fi sh with either one W[C ∑ W] or two W[C ∑ C] 
captive-born parents relative to fi sh with only wild parents (W[W ∑ W], relative RS = 1) (after Araki et al. 2009, by 
permission of the Royal Society). 
C: Trade-off between performance in captivity (number of offspring per boodstock) and in the wild (per capita F1 
reproductive success). Dark gray points show that wild fi sh with higher reproductive success in the captive 
brood stock produced F1 offspring with lower reproductive success in the wild. The solid line represents the fi tted 
model. Light gray points show the expected reduction of per capita F1 reproduction success due to inbreeding 
depression. This reduction is minimal. Thus, the reduction in F1 performance in the wild is a consequence of 
adaptation to captivity and not inbreeding depression (after Christie et al. 2012a, with kind permission of PNAS).
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mate in the wild with half-sibs or full-sibs. Christie 
et al. (2014) estimated that inbreeding was respon-
sible for 1–4% of the 15% fi tness reduction in 
hatchery fi sh relative to wild fi sh.
Adaptation to captivity was studied using 
designs 1, 2, and 3 in fi gure 8d (Christie et al. 
2012a). Captive-born F1 fi sh had nearly twice the 
lifetime RS of wild fi sh under identical captive con-
ditions (fi gure 8d, study design 2), suggesting 
adaptation to captivity. Moreover, a trade-off 
between performance in captivity and in the wild 
was evident (fi gure 8d, study designs 1 and 3). 
Brood stock of wild fi sh that had higher fi tness in 
the captive environment produced F1 offspring 
that performed worse in the wild (fi gure 8e, panel 
C). Thus, adaptation to captivity seems to be the 
primary explanation for the fi tness reduction in 
captive-reared fi sh.
Reduced Ne Due to Supplemental 
Reintroduction
Supplementation programs harbor the risk of 
increasing the population size at the cost of the 
genetic viability of the population. This can occur 
because supplementation programs can reduce 
the effective population size of the supplemented 
population. In the hatchery program, between 40 
and 80 fi sh were used each year as brood stock, 
yet the effective number of breeders ranged only 
from 17 to 37 with a harmonic mean of 25 (Christie 
et al. 2012b). In the wild, the effective number of 
breeders was 373. By releasing hatchery-raised fi sh 
with much lower genetic variation and higher 
relatedness, the supplementation program 
reduced the effective population size: The effec-
tive number of breeders of the entire population 
was only 41.6% of that of a population without the 
supplementation program, despite the supple-
mentation program nearly doubling the popula-
tion size (Christie et al. 2012b). These results dem-
onstrate the trade-off between increasing a wild 
population’s size through release of captive-bred 
individuals and preserving its genetic diversity. 
Given this trade-off, supplementation programs 
are best carried out only for a short period of time 
and when RS of released fi sh is low (Waples 
2004).
taxa (see Box 8.3 for an example, Frankham 
2008). Such genetic adaptation to captivity can 
be a serious problem when trait values that are 
favored in captivity differ from those in the 
wild, because the trait values favored in captiv-
ity are often disadvantageous once individuals 
are released (Frankham 2008, Box 8.3).
The rate of genetic adaptation is given by
 GAt ~ Sh
2 Σ  1 – 
2Ne
1
⎠⎞
t–1
⎝⎛ , (2)
where GA is the extent of adaptation to captivity, 
t the number of generations, Sh2 the response 
to selection in the fi rst generation (S = selection 
differential and h2 = narrow sense heritability), 
and Ne the effective population size (Frankham 
2008). Hence, the higher Ne, the number of 
generations in captivity, the selection differen-
tial, and the heritability, the greater the extent of 
genetic adaptation to captivity. Given the poten-
tially serious consequences of adaptation to cap-
tivity, breeding programs need to reduce its 
impacts as much as possible. We will return to 
possible strategies later.
Reintroduced Species and Hybridization
Reintroduction success can also be affected by 
the presence of related species. For example, 
recovery and reintroduction efforts for the 
European mink (Mustela lutreola), in Europe 
are hindered by the presence of the invasive 
American mink (Neovison vison), which might 
outcompete, prey upon, and even mate with the 
native species, disrupting natural reproductive 
processes (Maran and Henttonen 1995, Põdra 
et al. 2013). Potential for hybridization also 
raises concerns about the genetic integrity of 
reintroduced species, an additional genetic 
issue to consider in reintroductions (Allendorf 
et al. 2013). Hybridization might occur between 
wild species but also between reintroduced and 
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2011, Perry et al. 2013). Marker choice has been 
covered elsewhere (Amato et al. 2009), so we 
will not repeat this information here.
Quantifying Genetic Drift by Ne
The most straightforward way to quantify the 
strength of genetic drift is to estimate the effec-
tive population size, Ne (Box 8.1). Typically, this 
is achieved by estimating the change of allele 
frequencies at a set of loci over several genera-
tions. More details about these temporal and 
other methods to estimate Ne can be found in 
Luikart et al. (2010). Generally, care should be 
taken when different Ne estimators are com-
pared, because estimators may refer to different 
spatial and time scales (Luikart et al. 2010).
Estimating Evolutionary Potential
Adaptive evolutionary potential is a central con-
cept in conservation genetics (see “Loss of 
Genetic Variation Reduces Evolutionary Poten-
tial” earlier in this chapter), but its estimation 
is diffi cult. Since evolutionary potential is pro-
portional to the additive genetic variance (VA) of 
traits under selection, VA is a measure of evolu-
tionary potential (Lynch 1996) that can be esti-
mated using standard quantitative genetic pro-
tocols (Falconer and Mackay 1996). However, 
in practice this has rarely been done in a con-
servation context, and we are not aware of a 
single estimate from a reintroduced popula-
tion. The reason is that quantitative genetic 
approaches require detailed phenotypic and 
pedigree or genotypic data, which are often not 
available in enough detail in reintroduced 
populations.
Efforts to estimate evolutionary potential in 
conservation biology have focused instead on 
the use of molecular markers. A handful of 
neutral molecular markers is often not enough 
to infer adaptive potential (Reed and Frankham 
2001). This is changing with the recent 
increase in the number of markers available to 
conservation studies through next-generation 
sequencing techniques. A recent simulation 
domesticated forms. For example, the Euro-
pean wild boar (Sus scrofa) has been the subject 
of considerable conservation effort, including 
translocations. Genes from domestic pigs are 
present in some populations of wild boars, sug-
gesting that hybridization has occurred (Scan-
dura et al. 2008, Koutsogiannouli et al. 2010). 
Managing potential hybridization is thus an 
additional genetic issue that needs consider-
ation when planning and executing 
reintroductions.
TECHNIQUES FOR MEASURING 
IMPORTANT GENETIC VARIABLES 
IN REINTRODUCTIONS
Obtaining Genetic Data
To obtain information about genetic drift, adap-
tive potential, or inbreeding from molecular 
markers, suitable material containing DNA 
needs to be collected from individuals under 
study. While DNA can be extracted from many 
parts of an animal, quality and yield differ 
greatly among them. DNA extracted from 
teeth, hair, and feces has generally lower qual-
ity and yield than DNA from tissue and blood. 
Note that in mammals, red blood cells are not 
nucleated, and tissue therefore yields higher 
quantities of DNA than blood in mammalian 
species. The issue of DNA quantity has recently 
gained importance again, because genomic 
approaches tend to require larger amounts of 
DNA.
Choice of Genetic Marker
Once samples have been obtained, they need to 
be genotyped with a suitable set of genetic 
markers. Changes in sequencing technology 
are continually advancing the marker types and 
scale of variation accessible to studies on non-
model organisms. In the last decade, conserva-
tion genetic studies have moved from genotyp-
ing microsatellites at tens of loci to quantifying 
variation at tens of thousands of single nucleo-
tide polymorphisms (SNP) across the entire 
genome of endangered species (Miller et al. 
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from a shallow pedigree (one that is only two or 
three generations deep), the inbreeding coeffi -
cients would only ref lect the very recent 
inbreeding that occurred during those two or 
three generations. Any inbreeding in preceding 
generations would go unnoticed, because pedi-
gree analysis assumes that the individuals 
founding a pedigree are outbred (i.e., F = 0) 
and unrelated. For instance, the lack of correla-
tion between the pedigree and molecular 
marker inbreeding coeffi cients in a population 
of captive-bred, critically endangered Mohor 
gazelle (Gazella dama mhorr) was likely due to 
a serious violation of this assumption of out-
bred and unrelated founding individuals (Ruiz-
Lopez et al. 2009). A study by Hammerly et al. 
(2013) also illustrates the risk of running a cap-
tive breeding program relying solely on inaccu-
rate pedigrees to prevent breeding between 
relatives. Pedigrees of a captive population of 
the critically endangered Attwater’s prairie 
chicken (Tympanuchus cupido attwateri) sug-
gested that average inbreeding was fairly low 
(F = 0.025), while molecular data revealed 
much higher degrees of inbreeding (F = 0.087) 
and consequent inbreeding depression. Such 
inaccuracies in pedigrees can also be caused by 
extra-pair fertilizations creating false paternity 
assignments and, hence, error-prone estimates 
of inbreeding coeffi cients (Reid et al. 2014). 
Thus, if calculating F from pedigrees, it is 
advisable to infer unknown relationships with 
molecular markers (Ewing et al. 2008) and to 
check whether these estimates align with those 
obtained from molecular data (Pemberton 
2008, Hammerly et al. 2013, Townsend and 
Jamieson 2013).
Quantifying Inbreeding with Molecular Markers
Pedigree inbreeding coeffi cients can only pro-
vide an average expectation for the proportion 
of the genome IBD. However, due to the inher-
ent stochasticity of the segregation of alleles 
into gametes in meiosis and subsequent unit-
ing of parental gametes during fertilization, 
the true level of IBD in an individual may devi-
ate from this estimate. Consequently, inbreed-
study suggested that genetic diversity measures 
at 100+ neutral markers might accurately pre-
dict evolutionary potential in populations with 
variable demographic parameters (Caballero 
and Garcia-Dorado 2013). This fi nding sug-
gests that we may be able to measure evolution-
ary potential through neutral markers in the 
near future.
An alternative approach is to identify 
regions of the genome that exhibit signs of 
selection, using, for example, SNP (Keller et al. 
2013) or transcriptome data (Angeloni et al. 
2011, Smith et al. 2013). However, loci that har-
bor adaptive genetic diversity in the current 
environment may not be the ones required for 
adaptation to a new environment (Allendorf et 
al. 2013). Thus, it is unclear at present how non-
neutral genetic variation can be used to mea-
sure evolutionary potential.
Measuring Inbreeding and Inbreeding 
Depression
Inbreeding is typically measured with the 
inbreeding coeffi cient (F). The inbreeding coef-
fi cient estimates the probability of two randomly 
drawn gene copies being IBD in an individual as 
a consequence of recent ancestry. Depending on 
the type of data available, this can be accom-
plished using two complimentary approaches: 
pedigrees and / or molecular markers.
Quantifying Inbreeding with Pedigrees
If suffi ciently detailed long-term records have 
been kept on the relatedness among indi-
viduals, one has the option to estimate the pedi-
gree inbreeding coeffi cient (F), equivalent to 
Wright’s FIT when it is averaged over all indi-
viduals in the population (Wright 1965, Keller 
and Waller 2002). Once a pedigree is con-
structed, this measure can be obtained in one 
of several ways, including the path analysis 
approach proposed by Wright (1922, 1969; see 
also Höglund 2009, Allendorf et al. 2013). The 
usefulness of inbreeding coeffi cients estimated 
from a pedigree rests on its degree of complete-
ness, accuracy, and depth. When computed 
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rics describe how genetic variance is parti-
tioned across different levels of organization 
(individuals, subpopulations, and the total pop-
ulation) and allow the estimation of the degree 
of inbreeding as a function of population struc-
ture and consequently of genetic structure.
The three F-statistics are related in the fol-
lowing way (Wright 1969, 295):
 (1 – FIT) = (1 – FIS)(1 – FST) (3)
FIT quantifi es a population’s total inbreeding as 
a function of the combined effects of nonran-
dom mating within a subpopulation (FIS) and 
inbreeding due to small population size (FST). 
In reintroduced populations of animals, most 
inbreeding tends to stem from the small popu-
lation size (FST) rather than nonrandom mating 
(FIS). In these cases, population-specifi c FST as 
defi ned by Vitalis et al. (2001) can be a very 
useful measure of inbreeding in reintroduced 
populations (see Keller et al. 2012, for more 
details). Note that this population-specifi c FST 
is distinct from the well-known pairwise FST 
(Weir and Cockerham 1984).
Inbreeding Depression: Fitness as a Function of 
Inbreeding Coeffi cient or Heterozygosity
Once inbreeding coeffi cients have been esti-
mated for individuals in the study population, 
the magnitude of fi tness depression associated 
with the observed degree of inbreeding can be 
quantifi ed.
A way to do this is to estimate the inbreed-
ing load as the number of lethal equivalents, a 
set of recessive alleles whose combined effect 
when homozygous would be equivalent to that 
of a lethal allele, i.e., their expression would 
render the zygote unviable (Keller and Waller 
2002, Höglund 2009, Allendorf et al. 2013). 
This is normally achieved by obtaining the 
slope of the linear regression of log-survival (or 
the log of other fi tness traits) on individual 
inbreeding coeffi cients (Morton et al. 1956, 
Keller and Waller 2002).
Another commonly implemented method 
for the detection of inbreeding depression 
ing coefficients estimated from molecular 
markers can come closer to the true IBD by 
directly assessing the realized genome-wide 
homozygosity, provided enough molecular 
markers are available.
Previously, when only a handful of microsat-
ellite loci were used to infer the inbreeding 
coeffi cients of individuals, the multi-locus het-
erozygosity at this set of markers often did not 
correlate well with that across the genome 
(Aparicio et al. 2007, Szulkin et al. 2010). With 
the advent of modern sequencing technologies, 
it is now feasible to sequence larger portions of 
the genome of non-model organisms, enabling 
the estimation of inbreeding with unparalleled 
accuracy (Kirin et al. 2010, Keller et al. 2011).
Modern sequencing techniques such as 
restriction-site associated DNA sequencing 
(RADseq) (Baird et al. 2008) allow thousands 
of SNPs to be genotyped per individual, provid-
ing detailed measures of the realized genome-
wide homozygosity. Another method for the 
estimation of F from molecular data involves 
looking at runs of homozygosity (ROH), long 
chromosomal segments (>1 Mb, rarely up to 
100 Mb) that are IBD (Keller et al. 2011). The 
fraction of an individual’s genome that is in 
such ROHs can be used to calculate the 
inbreeding coeffi cient. While this technique 
has so far mostly been used in humans and 
livestock (McQuillan et al. 2008, Purfi eld et al. 
2012), its excellent performance in estimating 
inbreeding coeffi cients, particularly in small 
and isolated populations having recently expe-
rienced a sudden reduction in Ne, suggests that 
it will likely be incorporated into ecological 
studies on inbreeding in the near future (Kar-
dos et al. 2015).
Although a smaller set of markers (e.g., tens 
of microsatellites) may not provide enough 
power to estimate individual inbreeding coeffi -
cients, they are suitable for estimating inbreed-
ing at the population level (Biebach and Keller 
2010, Keller et al. 2012, Box 8.2) by estimating 
FIT through its components FIS and FST of 
Wright’s F-statistics (Wright 1965, Hartl and 
Clark 2007). These population genetics met-
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a panel of 48 SNPs with high pairwise FST val-
ues among parental species (FST > 0.8) allowed 
the reliable detection of up to third-generation 
hybrids between European wildcats (Felis silves-
tris silvestris) and domestic cats (F. s. catus) in 
Switzerland (Nussberger et al. 2013).
RECOMMENDATIONS FOR PLANNING 
AND CONDUCTING A REINTRODUCTION
Prerelease Management Decisions
The Number of Populations to Be Established
The number of populations a reintroduction 
should establish must be determined on a case-
by-case basis. The decision depends on the 
existence of remnant wild populations, the 
environments these populations inhabit, and 
the degree of local adaption to these different 
environments. Generally, managers should 
aim for at least two populations in each envi-
ronment. If genetically diverged lineages exist, 
two of each should be established (Allendorf et 
al. 2013, 415). These populations should be 
demographically independent to protect against 
demographic stochastic threats and extinction 
due to catastrophic events (e.g., severe weather, 
epizootics).
Selecting the Founder Stock: Size and 
Source Populations
In an ideal reintroduction, the founder stock 
should harbor suffi cient evolutionary potential 
to ensure the future of the population, and little 
inbreeding. To maximize both parameters, 
founders should be sourced from populations 
with similar environments to the reintroduc-
tion site, with the highest heterozygosity, allelic 
richness, and least inbreeding. Typically this 
translates to the remnant population(s), or to 
the population(s) with the least number of past 
bottlenecks. If more than one source popula-
tion exists, sourcing from several populations 
may also help maintain higher levels of genetic 
diversity within reintroduced populations 
(Ransler et al. 2011, Biebach and Keller 2012, 
involves testing for a negative correlation 
between multi-locus heterozygosity (a proxy of 
the inbreeding coeffi cient) and fi tness mea-
sures. For example, Ruiz-Lopez et al. (2012) 
used such heterozygosity-fi tness correlations 
(HFCs) to quantify inbreeding depression in 
sperm quality in a captive population of endan-
gered Mohor gazelles. Quantifying inbreeding 
load from HFCs requires careful analysis and 
suffi cient molecular data, and the reader is 
referred to this literature for further details 
(Chapman et al. 2009, Szulkin et al. 2010).
When marker data are available from sev-
eral populations, inbreeding depression can be 
estimated across populations. Population struc-
ture creates variance in inbreeding coeffi cients 
among populations, and thus there may be 
more power to detect inbreeding depression 
among populations than among individuals 
within one population. Such analyses among 
populations can test for the effects of inbreed-
ing on population dynamics (Box 8.2).
Detecting Hybridization
Detecting hybrids using genetic markers is dif-
fi cult, particularly beyond the fi rst generation 
of hybrids (F1), because hybridized individuals 
share a large part of their genome with one of 
the parental species (Nussberger et al. 2013). 
For example, a fi rst-generation backcross (i.e., 
an offspring of a mating between a F1 and the 
wild species) has on average 75% of its genes in 
common with the wild parental species. Hence, 
detecting the presence of genes from other spe-
cies in a population of conservation concern 
requires data from many loci, or from carefully 
selected loci. The most useful loci are those 
that are highly differentiated between the spe-
cies, i.e., here the allele frequency differences 
between the species are high (high pairwise 
FST). Developing a panel of such loci is labor 
intensive but well worth the effort, because it 
enables the genetic detection and classifi cation 
of hybrids and backcrosses without a reference 
set of “pure” samples of the parental species 
(Anderson and Thompson 2002). For instance, 
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allelic richness that will arise from groups of dif-
ferent sizes. In a founder group of 10 effective 
individuals, 95% heterozygosity of the source 
population is maintained (see “Genetic Drift” 
earlier in this chapter); however, the census size 
this corresponds to will depend on life-history 
traits and post-release mortality. All life-history 
characteristics that lower the ratio of the effective 
to the census population size (Ne / Nc, see Box 
8.1) and that affect the loss of heterozygosity in 
the following generations must be considered. 
After reintroduction, subsequent generations 
lose heterozygosity at a higher rate if population 
growth is slow and if carrying capacity is small. 
Importantly, loss of allelic diversity during a 
reintroduction relates not only to the number of 
founders, but also to the number and frequency 
of alleles in the source population (Kimura 1955, 
Allendorf 1986, see “Genetic Drift” earlier in 
this chapter). In a source population with alleles 
at a frequency of 0.05, 30 founders have to be 
taken to have a 95% probability of capturing 
alleles at this frequency. With alleles at a fre-
quency of 0.01, this number increases to 150 
individuals (Allendorf et al. 2013).
Assuming that not all founders contribute 
genetically to the reintroduced population (see 
Box 8.2 for an example), we recommend rein-
troducing at least 60 individuals (Tracy et al. 
2011, Groombridge et al. 2012). This should be 
higher in species with sex-biased breeding sys-
tems, low ratio of effective to census population 
size, low population growth rate, or low 
expected post-release survival (Allendorf et al. 
2013). Notably, post-release mortality seems to 
be higher among individuals raised in captivity 
than in the wild (Parker et al. 2012).
The composition of the founder group with 
respect to age and sex will also infl uence the 
genetic constitution of a population and rein-
troduction success, and thus needs careful con-
sideration (see Robert et al. 2004, for details).
Captive Breeding
The points raised above on managing a reintro-
duction also apply to establishing captive breed-
ing programs. Thus, here we discuss only 
Kennington et al. 2012). This even holds for 
populations that descended from a single 
source only a few generations ago (Box 8.2). 
When individuals from different source popu-
lations are admixed, the risk of outbreeding 
depression needs to be considered (Jamieson 
and Lacy 2012); however, the risk of outbreed-
ing depression is low where potential source 
populations have the same karyotype, have 
been isolated for less than 500 years, and 
occupy similar environments (see Frankham et 
al. 2011). Under such conditions, admixing 
individuals in the founder group from different 
source populations is a suitable management 
option.
When the environment of the reintroduc-
tion site differs from that of the source popula-
tions, it is essential to maximize evolutionary 
potential at the time of establishment (Allen-
dorf et al. 2013, 415). Sourcing animals from 
different source populations may be more 
costly, but is particularly important in these 
conditions (Jamieson and Lacy 2012). Sourcing 
individuals evenly from several source popula-
tions can have a greater positive effect on 
genetic variation than taking more individuals 
from a single source (Box 8.2). This applies 
especially to serially bottlenecked populations. 
In bottlenecked populations, rare alleles have 
been already lost and therefore fewer founders 
already carry most genetic variation present in 
a single population. Under such conditions, 
taking individuals from different source popu-
lations is the only way to increase genetic varia-
tion and, therefore, maximize the potential to 
adapt to the new environment. This approach 
has been successfully employed in the reintro-
duction of the peregrine falcon (Falco peregri-
nus) to the Midwestern United States (Tordoff 
and Redig 2001). In our view, maximizing evo-
lutionary potential is more important than 
maintaining “purity” of subspecies or popula-
tions for the long-term survival of endangered 
species, a view substantiated by the experience 
with the peregrine falcon reintroduction.
To determine the ideal founder group size, it 
is useful to look at the loss of heterozygosity and 
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reintroduction success, and has been experi-
mentally tested in a study with fruit fl ies 
(Woodworth et al. 2002).
The risk of adaptation to captivity is also 
minimized when the selection differential is 
reduced. This can be achieved by mimicking 
natural conditions or by reducing differences in 
points that are specifi c to captive breeding 
programs.
Reintroductions cannot always avoid captive 
breeding. Hence, awareness of the genetic pro-
cesses that operate in captivity and of the demo-
graphic and genetic consequences of captive 
breeding is paramount for an optimal design of 
the captive breeding phase (Robert 2009, 
Allendorf et al. 2013, 396–399).
Determining the size of a founder group for 
a captive population differs from that of a wild 
reintroduction in that a genetic goal is often for-
mally stated. Typically a captive population has a 
specifi c goal for the amount of genetic diversity 
that will be captured from the source popula-
tions and maintained for a number of years. 
Common recommendations are to retain at least 
90% of the heterozygosity for 100 years 
(Frankham et al. 2010). A defi ned genetic goal 
can be reached in several ways. First, fast popu-
lation growth allows for a smaller target popula-
tion size to retain variation. Likewise, a larger 
founder group size means a smaller target pop-
ulation size is needed. Smaller target population 
sizes are valuable in captivity in contrast to the 
wild, as they may save long-term costs, despite a 
higher upfront investment in sourcing more 
founders at the outset (Frankham et al. 2010).
Once a captive population has been founded, 
genetic management should be applied to 
reduce genetic problems that arise in captivity. 
The dependence of genetic adaptation to the 
captive environment on the effective popula-
tion size (see equation 2) suggests that species 
with high Ne (e.g., fi sh) have the greatest risk of 
adaptation to captivity. In such cases, substan-
tial adaptation to captivity can occur rapidly 
within the fi rst captive generations (Heath et al. 
2003, Box 8.3). As a general rule, the smaller 
Ne, the less risk of adaptation to captivity. How-
ever, small populations suffer from a higher 
rate of genetic drift. Thus for management, an 
intermediate population size with Ne small 
enough to prevent rapid adaptation to captivity 
but high enough to create a low rate of genetic 
drift should be considered (fi gure 8.2). Mini-
mizing both processes is necessary to increase 
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FIGURE 8.2. Expected relationships between fi tness and 
population size (Ne) due to the consequences of 
inbreeding and inbreeding depression, genetic drift 
(accumulation of harmful mutations), and genetic 
adaptation to captivity in captive (A) and after 
translocation to wild environments (B). The effects of 
inbreeding depression and genetic drift do not change 
with the environment. In contrast, genetic adaptation to 
the captive environment increases fi tness in captivity, but 
is detrimental in the wild environment. The dotted line in 
the wild environment shows the combined fi tness curve 
for the effects of genetic drift and genetic adaptation, with 
an optimum at intermediate population sizes. 
source: After Woodworth et al. (2002), with kind permission 
from Springer Science and Business Media. 
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we distinguish between supplemental reintro-
ductions where the main goal is to increase 
census size (demographic supplementation) 
and those where the main goal is to increase 
evolutionary potential and reduce inbreeding 
(genetic supplementation).
Demographic supplementations are usually 
conducted in commercially exploited populations 
to prevent population collapse and extinction 
(Box 8.3). For supplementation, individuals 
should be sourced from similar populations to 
avoid maladaptation and where captive breeding 
is required, the breeding generation should be 
transferred into captivity anew each generation to 
avoid adaptation to captivity (Box 8.3). Demo-
graphic supplementations, especially supple-
mentation from captive breeding, carry the risk 
of introducing maladapted genes (e.g., adapted to 
captivity) and of decreasing Ne, despite increas-
ing the census size, Nc. This decrease of Ne is 
unlikely to be obvious, as it arises through a high 
number of introduced individuals representing 
few breeding individuals (Box 8.3). Thus, it is 
important to monitor the effects of demographic 
supplementations genetically to prevent damage 
to the remnant wild populations.
For genetic supplementations, new genetic 
material is introduced to decrease the harmful 
effects of genetic drift. Therefore, the source 
population should be one that is genetically dif-
ferent, but has a low risk of causing outbreed-
ing depression when admixed with the recipi-
ent population (see “Selecting the Founder 
Stock: Size and Source Populations” earlier in 
this chapter). If individuals are taken from cap-
tive breeding, they should be selected to com-
plement the genetic diversity in the wild. The 
sex of the supplemented individuals might 
infl uence the propagation of the new genes. For 
instance, in polygynous species females bring a 
relatively steady infl ux of new genes into the 
new population, whereas the contribution of 
males is highly variable and may be nil.
Hybridization
Managing hybridizing populations requires 
quantifying the extent of hybridization (see 
the fi tness of individuals, for example, by regu-
lating differences in survival and equalizing 
reproductive success (Rodríguez-Ramilo et al. 
2006). Furthermore, immigration from wild 
populations into the captive population retards 
adaptation to captivity, particularly when ani-
mals are brought in from the wild in later gen-
erations (Frankham and Loebel 1992). How-
ever, this option is restricted to selected cases 
where individuals from the wild population can 
be safely and ethically removed.
Due to space constraints, we do not discuss 
more details of the genetic management of cap-
tive populations. They are discussed in detail in 
Frankham (2008), Robert (2009), Williams 
and Hoffman (2009), Frankham et al. (2010), 
and Ivy and Lacy (2012).
Post-release Management Decisions
Monitoring
Post-release monitoring is essential (see Chapter 
12, this volume). Genetic methods can be helpful 
in monitoring populations, and sometimes they 
are the only way to access the necessary informa-
tion. For instance, genetic paternity testing is the 
only way to assess reproductive success in species 
with nonmonogamous mating systems. The 
minimum level of genetic monitoring we recom-
mend is an estimation of genetic drift. This 
allows timely responses to strong genetic drift, 
such as the release of additional founders. For the 
last decades, an Ne of 50 was considered suffi -
cient to prevent inbreeding depression in the 
short term (Franklin 1980, Soulé 1980, Jamieson 
and Allendorf 2012); however, Frankham et al. 
(2014) recently revised this number upward to an 
Ne of 100. In addition, the Ne needed to maintain 
evolutionary potential in the long term is 10 
times higher; therefore, managers should try to 
maximize Ne where possible (Franklin 1980, 
Frankham et al. 2014).
Supplemental Reintroductions
If existing populations (reintroduced or not) 
exhibit potential genetic problems, supplemen-
tal reintroductions should be considered. Here 
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alleles. Wild hybrids carrying the maternally 
inherited cattle mitochondrial DNA (mtDNA) 
have a 7.8% lower body mass on average than 
those carrying bison mtDNA (Derr et al. 2012). 
Thus, hybrids likely experience outbreeding 
depression. A screen of mtDNA and nuclear 
microsatellite markers showed that while 
introgression seemed pervasive across the spe-
cies, its magnitude varied between herds, and 
four federal conservation herds were found to 
have no detectable cattle ancestry. There have 
been calls to selectively cull animals carrying 
mtDNA haplotypes (Hedrick 2009, Derr et al. 
2012), or at least avoid translocating them into 
less hybridized populations (Halbert and Derr 
2007). However, care must be taken to ensure 
that the benefi ts of hybrid removal outweigh 
the loss of unique bison genetic variation 
retained by these animals at autosomal loci.
There is no consensus on a hybridization 
threshold below which individuals or popula-
tions warrant conservation—this should be 
evaluated on a case-by-case basis. However, a 
key point is that genetic tools provide the more 
accurate means for quantifying hybridization 
and hence, wherever possible, should be favored 
over more ambiguous morphological assign-
ments (Glover et al. 2013). The RWAMP pro-
vides one such cautionary tale: prior to the 
introduction of genetic testing, three red wolves 
were mistakenly classifi ed as hybrids and steril-
ized, thereby inadvertently reducing the breed-
ing population (Gese et al. 2015).
Of course, when extinction is imminent, 
managers might decide that compromising 
genetic integrity by reintroducing closely 
related individuals is of relatively minor conse-
quence (Jachowski et al. 2015). This may be 
particularly true when low genetic diversity and 
inbreeding are contributing to extinction risk. 
These considerations were the motivation 
behind the translocation of Texas cougars (Felis 
concolor) to Florida to rescue the small popula-
tion of Florida panthers (Land and Lacy 2000). 
In general, however, reintroduction biologists 
should determine whether closely related forms 
are present at recipient sites, evaluate whether 
“Detecting Hybridization” earlier in this chap-
ter) and deciding whether hybridization is 
potentially threatening to a reintroduced popu-
lation. Not all hybridization is deleterious, since 
hybridization can also provide new genetic 
variation that allows adaptation to new environ-
ments (Allendorf et al. 2013). Once it has been 
established that hybridization has suffi ciently 
strong negative fi tness consequences in a rein-
troduced population or is threatening the integ-
rity of the gene pool, management actions to 
prevent further propagation of the introgress-
ing alleles can be taken.
Such management action was implemented 
by the Red Wolf Adaptive Management Plan 
(RWAMP), which concluded that introgression 
from sympatrically occurring coyote (Canis 
latrans) posed the biggest threat to the restora-
tion of reintroduced red wolf (C. rufus) popula-
tions in North Carolina. Thus, captured hybrids 
as well as pure coyote in the monitored man-
agement zones were either sterilized (and left 
in as “placeholders,” preventing their territories 
freeing up for the colonization of immigrant 
non-sterile coyote and hybrids) or altogether 
removed from the population (Gese et al. 2015). 
Hybrids were defi ned as animals with >25% 
coyote ancestry. This threshold was modifi ed to 
a more conservative 12.5% after 2002 (Miller et 
al. 2003).
If introgression has advanced to the point 
where a population has become a hybrid 
swarm, the focus of conservation efforts might 
shift to alternative populations that do not have 
a history of interspecifi c admixture. In the 
absence of such alternatives, managers have 
little choice but to attempt to preserve the resid-
ual genetic legacy of the displaced parental spe-
cies retained in this hybridized population 
(Allendorf et al. 2001; Epifanio and Nielson 
2001).
For instance, male American bison (Bison 
bison) were deliberately crossed with female 
cattle in the nineteenth century with the aim of 
boosting beef production. These “beefalo” sub-
sequently mated with reintroduced bison herds, 
leading to widespread introgression of cattle 
Jachowski - Reintroduction of Fish & Wildlife Populations.indd   174 30/07/16   2:53 PM
genetic issues in reintroduction     175
clear how genetic variation needed for adapta-
tion to new or changing environments is best 
quantifi ed. Therefore, estimating the adaptive 
evolutionary potential remains a major chal-
lenge for future research in conservation 
biology.
SUMMARY
Reintroductions are an important conservation 
tool. Reintroduction biologists have to take 
many decisions, most of which will affect—
directly or indirectly—the genetic composition 
of the released populations. This, in turn, can 
affect reintroduction success. To maximize 
reintroduction success in the long term, it is 
therefore important that reintroduction biolo-
gists are aware of the genetic consequences of 
the decisions they take.
In this chapter, we describe the most impor-
tant genetic issues that arise in reintroduced 
populations: genetic drift, loss of evolutionary 
potential, inbreeding, and hybridization. 
Genetic drift, the random changes in allele fre-
quencies from one generation to the next, leads 
to the loss of genetic variation within popula-
tions and to increased genetic divergence 
among populations. Since most reintroduced 
populations are small for a substantial length 
of time, genetic drift is often pronounced in 
reintroductions. The random changes in allele 
frequencies may lead to the proliferation of del-
eterious alleles, because selection against dele-
terious alleles is less effi cient when genetic 
drift is strong. The increased frequency of 
harmful alleles can reduce the average fi tness 
in these populations. The loss of genetic varia-
tion through genetic drift also reduces a popu-
lation’s evolutionary potential (i.e., its ability to 
adapt to changing environments). Through 
both processes, strong genetic drift may reduce 
reintroduced success.
Like genetic drift, inbreeding is a conse-
quence of the small population sizes typical for 
certain phases of reintroductions. Inbreeding 
can affect reintroduction success because 
inbred individuals generally experience reduced 
hybridization is likely to occur, and determine 
whether this hybridization will put the reintro-
duction goals at risk.
FUTURE RESEARCH AND DEVELOPMENT
Studies in conservation genetics have increased 
strikingly in number over the last decades, 
improving our understanding of genetic prob-
lems faced in reintroductions. Fast develop-
ments of molecular techniques had a major role 
in this. For example, the advent of microsatel-
lites made it possible to estimate population 
genetic parameters for many species. As molec-
ular methods continue to develop, more long-
standing questions in conservation genetics 
can be addressed and estimation of important 
population genetics parameters in endangered 
species will become more precise and afford-
able. With the latest developments in sequenc-
ing technology, accurate estimates of inbreed-
ing coeffi cients without a pedigree are possible 
and these estimates may even outperform 
inbreeding estimates from pedigrees (Keller et 
al. 2011, Speed and Balding 2015). As long as 
genetic material can be sampled, precise 
inbreeding estimates of any population can be 
obtained. Similar arguments can be made for 
hybridization. However, to investigate the fi t-
ness consequences of inbreeding or hybridiza-
tion, fi tness data are necessary. Fitness data 
will likely be the limiting resource for research 
in conservation genetics in the future.
Ultimately, conservation biology is con-
cerned with populations, not individuals. How-
ever, studies that assess the genetic conse-
quences at the population level remain scarce 
(Saccheri and Hanski 2006, Keller et al. 2007). 
Future research should focus on the popula-
tion-specifi c consequences of inbreeding, out-
breeding, hybridization, and the other genetic 
issues outlined in this chapter. One important 
measure for the future persistence of popula-
tions is their adaptive evolutionary potential. 
However, while new molecular methods open a 
wide range of opportunities to study the genet-
ics of threatened species in detail, it is still not 
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recent developments in genomic techniques 
combined with the long-standing theoretical 
tradition in conservation genetics promise 
exciting new approaches that will help us to 
better understand and manage the genetic 
composition of reintroduced populations.
MANAGEMENT RECOMMENDATIONS
• Source populations should be selected to 
maximize genetic diversity of the reintro-
duced population or the captive breeding 
program.
• Genetic diversity is increased when the 
founders originate from more than one 
source population. Therefore, with limited 
resources it might be better to reintroduce 
fewer individuals from each of several 
different source populations than 
more individuals from a single source 
population.
• Where possible, founders should be sourced 
from populations with high heterozygosity, 
allelic richness, and low inbreeding.
• Where possible, founders should be 
sourced from populations with a similar 
environment as the future reintroduction 
site.
• At least 60 individuals should be released, 
preferably more.
• Age and sex of founders should be taken into 
account as they may infl uence reintroduction 
success.
• Use captive breeding only if it brings a great 
advantage in terms of number and genetic 
diversity of released individuals.
• If captive breeding is necessary, the breeding 
stock should be kept in captivity for as short 
a time as possible.
• After reintroduction, populations should be 
monitored both demographically and 
genetically.
• Supplemental reintroductions need to 
minimize the potential negative effects on 
the recipient population.
fi tness. The extent of such inbreeding depres-
sion varies greatly among populations and envi-
ronments. However, on average, individual fi t-
ness reductions are pronounced, and evidence 
exists that inbreeding depression in individual 
fi tness traits affects population dynamics and 
extinction risks of populations. Thus, reintro-
duction biologists should minimize inbreeding 
where possible.
Hybridization between reintroduced indi-
viduals and domestic or related wild species 
may also affect reintroduction success. Manag-
ing potential hybridization requires reintroduc-
tion biologists to determine whether closely 
related forms are present at recipient sites, 
evaluate whether hybridization is likely to 
occur, and determine whether this hybridiza-
tion will put the reintroduction goals at risk. 
Not all hybridization is deleterious, since 
hybridization can also provide new genetic 
variation that allows adaptation to new environ-
ments. However, if hybridization has suffi -
ciently strong negative fi tness consequences or 
is threatening the genetic integrity of the rein-
troduced populations, management actions 
may become necessary. Genetic tools can pro-
vide accurate means for identifying hybrids and 
appropriate management actions.
On occasion, captive breeding is necessary 
prior to reintroduction. Captive-bred popula-
tions face the same genetic risks as wild popu-
lations, but they suffer from an additional 
threat: individuals may adapt to the captive 
environment and the traits that are favored in 
captivity may prove disadvantageous in the 
wild. Captive breeding programs thus should 
limit adaptation to captive conditions as much 
as possible, through such measures as limiting 
the time spent in ex situ breeding.
Reintroductions always affect the genetic 
composition of reintroduced populations. Rein-
troduction biologists need to manage these 
changes in a way that gives reintroduced popu-
lations the best long-term survival prospects. 
This includes giving populations the ability to 
adapt to future environmental change (Pierson 
et al. 2015). This is a challenging task, but 
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